Abstract. Many North American grasslands are receiving atmospheric nitrogen (N) deposition at rates above what are considered critical eutrophication thresholds. Yet, potential changes in grassland function due to anthropogenic N deposition are poorly resolved, especially considering that other dynamic factors such as land use and precipitation can also affect N availability. To better understand whether elevated N deposition has altered ecosystem structure or function in North American grasslands, we analyzed a 27-year record of ecophysiological, community, and ecosystem metrics for an annually burned Kansas tallgrass prairie. Over this time, despite increasing rates of N deposition that are within the range of critical loads for grasslands, there was no evidence of eutrophication. Plant N concentrations did not increase, soil moisture did not decline, forb diversity did not decline, and the relative abundance of dominant grasses did not shift toward more eutrophic species. Neither aboveground primary productivity nor N availability to plants increased. The fates of deposited N in grasslands are still uncertain, and could include management losses through burning and grazing. However, evidence from this grassland indicates that eutrophication of North American grassland ecosystems is not an inevitable consequence of current levels of N deposition.
INTRODUCTION
Nitrogen (N) limits primary productivity in many terrestrial ecosystems Howarth 1991, LeBauer and Treseder 2008) , and is a component of a number of greenhouse gases (Pinder et al. 2012) . Therefore, alteration of the global N cycle is expected to have profound effects on terrestrial ecosystem processes and the Earth's climate system (Vitousek et al. 1997 , Galloway et al. 2008 . As a consequence of fertilizer production, crop selection, and fossil fuel combustion, humans have doubled the production of reactive nitrogen (Nr) on Earth (Galloway et al. 2008) . The mobility of N in the environment often causes anthropogenic N to be transported from its sources through atmospheric and hydrological pathways, which can lead to regional increases in N loading (Dentener et al. 2006 , Howarth et al. 2012 .
Below critical loads, elevated N deposition should produce few quantitative or qualitative shifts in ecosystem processes. Above critical loads of deposition, nitrogen saturation theory predicts a range of shifts in plant ecophysiology, community composition, and ecosystem processes (Aber et al. 1989 , 1998 , Lovett and Goodale 2011 . Experimentally elevated N deposition has been shown to increase net primary production and foliar N concentrations, while greater soil N availability also increases gaseous N loss and nitrate leaching to waters (Fenn et al. 1998 , Tietema et al. 1998 , Gough et al. 2000 , Magill et al. 2004 . These changes to the N cycle also increase the natural abundance ratio of 15 N: 14 N in plants and soil (d 15 N when standardized relative to the signature of atmospheric N 2 [Pardo et al. 2007 , Craine et al. 2009b ). This is due to an increase in fractionating loss pathways (such as gaseous N loss associated with nitrification and denitrification) and reduced dependence of plants on mycorrhizal fungi observed with increased N availability (Hobbie and Hobbie 2008 ). An increase in N enrichment can also lead to a shift in plant species composition toward species that are well adapted to high N availability (Craine et al. 2001 , Smith et al. 2009 ). These changes have been hypothesized to occur in a predictable temporal sequence in terrestrial ecosystems , Smith et al. 2009 ), although the sequence of changes is not always consistent (Lovett and Goodale 2011) .
Empirically, widespread increases in aboveground net primary productivity (ANPP) have been observed in a variety of N addition experiments, but the response seems to be dependent on climate and the amount of N added, with a greater response in high precipitation regions (Lee et al. 2010) . A decline in species richness has been the most widespread negative consequence of N addition, as demonstrated by experiments across dry and wet grasslands in Europe at a range of soil pH 4 E-mail: mclauch@ksu.edu (Bobbink et al. 2010) . Eutrophication has been observed in a range of terrestrial ecosystems in Europe where N deposition levels frequently exceed 2 gÁm À2 Áyr À1 (Stevens et al. 2004 , Payne et al. 2013 . However, N deposition levels rarely exceed 1 g NÁm
À2

Áyr
À1 in North America (Baumgardner et al. 2002) , where terrestrial eutrophication has yet to be broadly demonstrated. Like European grasslands, North American grasslands should be susceptible to N deposition. Experimental additions of N to humid grasslands cause changes that are generally consistent with expectations of N enrichment, for example leading to increases in plant tissue N, primary production, and N loss, as well as shifts in plant species composition to a lower diversity of high-N species and a decrease in mycorrhizal colonization (Groffman et al. 1993 , Wedin and Tilman 1996 , Craine et al. 2001 , Egerton-Warburton et al. 2007 , Clark and Tilman 2008 . Retention of N in grasslands can cause the effects of elevated N to persist for a number of years after N additions cease, leading to suggestions that any amount of N addition to grasslands leads to loss of ecological function (Clark et al. 2009) .
Despite concern about atmospheric N deposition, it is uncertain whether North American grasslands are actually eutrophying. Grasslands adjacent to urban areas have exhibited signs of localized eutrophication (Weiss 1999 ), yet there are several reasons that eutrophication may not be happening in most North American grasslands. Deposition rates in many North American grasslands are elevated compared to preIndustrial conditions but below some estimates of critical loads. North American grasslands are also frequently managed with fire, which increase N losses to the atmosphere (Hobbs et al. 1991 , Blair 1997 . Furthermore, grasslands dominated by C 4 grasses are associated with high soil immobilization potential as a consequence of their production of high C:N biomass (Wedin 1995) . Examination of potential eutrophication from nutrient loading in grasslands must also simultaneously consider soil moisture. In general, soil N mineralization rates increase with increasing soil moisture (Stanford and Epstein 1974) . Therefore, increases in precipitation could increase net N mineralization and constitute a form of eutrophication independent of N deposited from the atmosphere.
To better understand whether atmospheric N deposition has led to eutrophication in North American grasslands, we examined multiple ecological variables in annually burned tallgrass prairie grassland at Konza Prairie Biological Station in Kansas, USA. In association with the Konza Long-Term Ecological Research program, records of productivity and other metrics extend back more than 25 years and annually harvested biomass has been archived that allows for subsequent chemical analyses. Atmospheric inorganic N deposition has been measured on-site since 1982, and nutrient addition experiments have demonstrated that N is an important driver of ecosystem processes at Konza . Grassland aboveground net primary productivity (ANPP) at Konza has been shown to have some of the strongest N responses among North American grasslands (Clark et al. 2007) , suggesting that elevated N deposition would increase ANPP.
Although multiple drivers affect the functioning of grasslands, if N deposition is eutrophying a grassland, a majority of the following effects should be detectable: (1) increases in N availability would lead to increased plant N concentrations, (2) foliar d 15 N in plant tissue would increase as fractionating losses increase, (3) net primary productivity would increase due to reduction in nutrient limitation, and (4) plant species composition would shift toward plants that are adapted to high-N conditions and there would be a reduction of forb diversity.
METHODS
Study site
This research was conducted at Konza Prairie Biological Station (hereafter ''Konza''; see Plate 1), a 3487-ha native tallgrass prairie located in northeastern Kansas, USA (39.088 N, 96.568 W) . Mean annual temperature at Konza is 138C, with average monthly temperatures ranging from À38C in January to 278C in July. Annual precipitation for Konza Prairie averaged 844 mm from 1983 to 2009, with approximately 75% falling in the April through September growing season and peak precipitation in June. The vegetation at Konza is primarily unplowed native tallgrass prairie. For the detailed analysis of multiple data types required for this study, we selected a single 42-ha watershed referred to as 1D. This watershed is burned each spring, similar to the dominant land uses in the broader Flint Hills ecoregion, but it is not grazed.
Nitrogen inputs
Deposition of inorganic N (NH 4 þ and NO 3 À ) has been measured at Konza since 1982, as part of the National Atmospheric Deposition Program(data available online).
5 The collector station adheres to standard NADP protocols. Briefly, precipitation is collected in an automated precipitation chemistry collector. At weekly intervals, it is transferred to containers provided by the Central Analytical Laboratory (CAL) at the Illinois State Water Survey. The collection bucket is weighed to determine sample volume, and samples are shipped to CAL. All analyses for ionic concentrations and quality control occurs at the CAL. At Konza, the collection station is located 5 km from the 1D watershed but it is considered to be representative of N deposition levels in the region (the data are archived as data set ANA01; available online).
6 Dry deposition has been measured at À1 [Pardo et al. 2011]) . A recent refinement of the critical load for the Great Plains region, which encompasses wet and dry grasslands, is 0.5 to 1.83 g NÁm
À2
Áyr
À1 (Clark et al. 2013) . The critical load values were primarily determined with an N addition experiment at Cedar Creek Natural History Area, which is classified as tallgrass prairie but has a mean annual temperature of 6.78C and a mean annual precipitation of 801 mm (Clark and Tilman 2008) .
Plant biomass
Aboveground net primary productivity was measured at the end of each growing season from 1984 to 2010 by clipping all vegetation in five quadrats (20 3 50 cm) in four transects in each of two landscape positions in an annually burned, ungrazed watershed (1D). These sites were established for long-term vegetation monitoring in 1981 (data set PAB011; see footnote 6). The biomass is pooled by year. Clipping dates ranged from 31 August to 14 October among years, but there was no significant relationship between the date of clipping and any measured metric (P . 0.05). Each year, biomass was separated into graminoid, forb, and woody components. From 1985 to 2001, aboveground biomass of grass was further separated into live and dead fractions before weighing. All biomass was oven dried before weighing. Graminoid biomass, which is almost all grasses in this watershed, composes 96% of the herbaceous biomass in the watershed.
At a single site, foliar d 15 N values are correlated with N availability metrics such as in situ and potential net N mineralization and soil nitrate concentrations (Craine et al. 2009a 13 C across all batches of samples. The isotopic ratio of N and C are expressed relative to the internationally accepted standard of atmospheric N 2 and Pee Dee Belemnite Vienna (PDBV), respectively. Each metric was measured separately for live and dead biomass from 1985 to 2001 and a final composite metric was calculated for aboveground biomass by weighting the value of each fraction by the relative amounts of live and dead biomass for the plot.
Foliar d 13 C data were used to calculate changes in carbon isotope discrimination 
Plant community composition
To test for the potential impact of N deposition on plant community composition, we calculated the longterm relative areal cover of three dominant grasses that respond strongly to N addition at Konza. Andropogon gerardii and Schizachyrium scoparium are two grass species that dominate N-limited grasslands at Konza. With chronic N fertilization at the rate of 10 g NÁm À2 Áyr
À1
, their abundance declines, while Panicum virgatum increases in abundance (Gough et al. 2012 ). Hence, we calculated the difference in abundance between Panicum and the sum of abundance of Andropogon and Schizachyrium as a way to summarize the C 4 grass differential.
Cover data for the three species are derived from 40 plots in the watershed that are divided evenly between upland and lowland positions (data set PVC021; see footnote 6). For each topographic position (uplands and lowlands) in a watershed, species composition was determined in 20 permanently marked 10-m 2 circular plots evenly spaced along four randomly located 50-mlong transects. At each plot, the canopy cover of vascular plants was visually estimated using a modified Daubenmire cover scale (Bailey and Poulton 1968 ) twice a year (late May-June and mid August-September). The Daubenmire scale is an ordinal scale ranging from 0 to 7 representing cover classes of 0-1%, 1-5%, 5-25%, 25-50%, 50-75%, 76-95%, and 95-100%. The cover of each species was recorded as the maximum abundance at the plot level between the two time points after converting each Daubenmire scale value to the midpoint of the cover range and then averaging across the 40 plots for a watershed's topographic position each year. There was little qualitative difference in patterns of cover over time when analyzed separately for each topographic position. Forb richness was calculated as the number of forb species observed per 10-m 2 plot and averaged across all plots in both landscape positions each year.
Soil moisture
At two locations in the lowlands of the 1D watershed, soil moisture was measured once every other week during the growing season and monthly the rest of the year since 1983 (data set ASM011; see footnote 6). Soil moisture was measured with a neutron depth moisture gauge (Troxler Electronic, Research Triangle Park, North Carolina, USA) in thin-walled aluminum access tubes buried to 2 m below the soil surface. Readings were taken at 25-cm increments from 25 to 150 cm depth from 1983 to 2010. Soil moisture data were expressed as a fraction of the apparent maximum soil moisture based on the highest soil moisture readings observed Knapp 1995, Craine and Nippert 2013) . In 1998, a new neutron probe head was employed requiring that data be standardized for differences in maximum soil moisture before and after this date. To do this, the 90% quantiles of all readings at each depth before and after 1998 were determined. All readings at a given depth for each time period were then divided by the respective value for the 90% quantile. The 10% of the relative soil moisture values .1 were set to 1. This standardizes soil moisture readings over time and across depths to have the same maximum value. For simplicity, we only analyze patterns of soil moisture at 25 and 100 cm, which broadly represent the dynamics throughout the profile. Trends in these data are analyzed on biweekly periods from May to September across years, corresponding to 10 half-month periods.
Critical climate period analysis
We used critical climate period analysis (Craine et al. 2012a ) to remove variation in response metrics that were associated with variation in climate among years and better test whether there were long-term trends in the metrics over time independent of trends in climate. The critical climate period approach is a regression technique that determines when during the year climate variability affects processes and separates the critical periods for climate variation from non-critical periods when climate variation has no significant impact on processes. For the critical climate period analysis, precipitation was summed and daily maximum air temperature averaged for 861 periods between day 60 (1 March) and day 274 (1 October), which approximates the biologically active period for plants in the grassland. Daily climate data were collected from a weather station located at Konza Prairie headquarters, approximately 5 km away from the 1D watershed. The number of periods corresponds to all possible periods between the two dates with a minimum length of 15 d where start and end dates are incremented in 5-d steps, e.g., day 60-74, 60-79, . . . , 260-274. A forward stepwise regression was initiated using precipitation data and mean daily maximum temperatures from all periods to explain variation in response variables such as grass ANPP. The critical precipitation or temperature period that explained the highest amount of variation in flowering was then selected as a predictor variable and the process repeated for the next most significant climate period. Critical climate periods of the same climate variable that overlapped in time were not allowed in the final model. Critical climate periods were recently assessed for ANPP at Konza for the same year range that we analyze here (Craine et al. 2012a) and not analyzed anew. The previous analysis showed that grass ANPP increased with increasing precipitation from 15 April to 2 August (day of year 105-214) and decreased with increasing mean daily maximum temperatures from 9 July to 2 August (day of year 190-214). As biomass N concentrations could be influenced by the production of low-N stems, we also tested whether variation in N concentrations of aboveground biomass was influenced by the magnitude of culm production in the watershed (Craine et al. 2010b ).
All statistics were computed using the software JMP 9.0.3 (SAS Institute, Cary, North Carolina, USA). (Fig. 1) . Variation among years in [N AG ] were consistent between topographic positions as well as between live and dead biomass (Fig. 1) . In years when [N AG ] was high in the uplands, it was also high in the lowlands (r ¼ 0.82, P , 0.001, n ¼ 22 samples used in the correlations between variables). Among the years when live and dead biomass were separated from one another, when [N AG ] was high in the live biomass, it was also high in the dead biomass (r ¼ 0.75, P , 0.001, n ¼ 15; Similarly, in lowlands, D was less in years with more precipitation from 4 June to 9 July, but greater in years with more precipitation from 8 August to 2 October (D ¼ 5.29%-0.0055% per mm Precip 155-189 þ 0.0052% per mm Precip 230-274 ; P , 0.001 for all parameters). After accounting for variation in precipitation during critical climate periods among years, there was no significant change in D from 1985 to 2010, although D tended to increase by 0.014% per year for uplands (P ¼ 0.14) and tended to decrease by 0.012% per year for lowlands (P ¼ 0.07).
There was no indication that soils became wetter or drier on average, regardless of whether differences in climate among years were considered or not (P . 0.25 for both; Fig. 1 ). Independent of climate variation in each year, there were no trends in soil moisture at either 25 or 100 cm for any of the 10 time periods from May to September (P . 0.1 for all 20 contrasts). In general, critical climate period analysis showed that soils at 25 and 100 cm were wetter with more precipitation over periods of variable length that were longer for 100 cm than 25 cm (67 6 9 d vs. 33 6 9 d; P ¼ 0.02; Table 1 ). Air temperatures only decreased soil moisture in four of the 20 combinations of depth and time of year. Once interannual variation in precipitation and temperature at different times of year were taken into account for each depth and time period, there were no long-term trends in soil moisture in any of the 10 time periods (average P ¼ 0.44; P . 0.1 for all contrasts). Grass productivity showed no evidence of increasing over time after accounting for interannual variation in climate. From 1984 to 2010, grass ANPP had been shown to increase with increasing mid-summer precipitation and decreased with higher mid-summer temperatures. Both before and after accounting for variation in climate among years, there were no significant trends in grass biomass averaged between uplands and lowlands (P ¼ 0.18 for both; Fig. 1 ). Forb biomass only averaged 20 g/m 2 (5% of grass ANPP), was not related to interannual variation in climate (P . 0.01), and showed no trend across years (P ¼ 0.27).
Changes in the composition of the grass flora from 1993 to 2010 do not seem to indicate an increase in grassland N availability. Although species-specific total cover has increased an average of 0.019 cm 2 Ácm À2 Áyr À1 , the changes in the dominant grasses do not parallel changes observed with experimental N addition (Fig. 1) . Averaged between uplands and lowlands, the cover of grasses associated with low-N environments increased. Andropogon increased by an average of 0.021 cm 2 Ácm À2 Áyr À1 (P , 0.001) while Schizachyrium cover did not change (P ¼ 0.97). Panicum, which increases in abundance with experimental N fertilization, did increase slightly in abundance, but at an average of only 0.0038 cm 2 Ácm À2 Áyr À1 (P ¼ 0.01). Although the cover of Andropogon increased faster than Panicum on average for the period 2006-2010, the calculated variable of the C 4 grass differential declined significantly from 1993 to 2010 (À0.017 cmÁcm À2 Áyr À1 , P , 0.001). Forb diversity averaged 10.2 6 1.0 species/10 m 2 across years, but there was no significant change in forb diversity over time (P ¼ 0.19, Fig. 1 ).
DISCUSSION
Although N is being deposited from the atmosphere onto grassland ecosystems in the midcontinental United States at rates that are considered to be within the range of critical loads (Pardo et al. 2011) , there was no evidence of eutrophication in the Konza grassland for ecophysiological, community, or ecosystem parameters. Despite expectations that ecophysiological traits are among the first to respond to chronic shifts in resource availability (Smith et al. 2009 ), neither foliar N concentrations nor D significantly changed over 27 years. At the community level, the common grasses did not show a trend of increasing abundance of more eutrophic grass species as observed in N addition experiments (Isbell et al. 2013) . Neither did total species richness decline as predicted, even among the rare forbs. For ecosystem metrics, there were no trends in grass productivity, flowering culm production of the major grasses, or aboveground biomass d 15 N (an index of N availability to plants).
Phosphorus (P) limitation has the potential to reduce the response of grasslands to N deposition. For example, a transect through temperate Eurasia across a range of atmospheric N deposition levels (from 50 kgÁha À1 Áyr À1 to 5 kgÁha
) suggested that P limitation is a potential reason for a lack of species loss due to N deposition (Wassen et al. 2005 ).Yet, P limitation is unlikely to explain the apparent lack of response to N deposition at Konza. A long-term fertilization experiment with P (1 g PÁm À2 Áyr À1 ) in factorial with N showed no evidence of P limitation after 20 years of experimental additions to an annually burned grassland at Konza (Gough et al. 2000) .
Precipitation can also potentially affect both the N cycle and NPP independent of N dynamics. For example, long-term increases in precipitation would increase plant productivity in a manner similar to eutrophication , Knapp et al. 2001 . In contrast, if N deposition increased plant transpiration by increasing leaf N concentrations and/or leaf area, soil moisture would decline, which could serve as a negative feedback to N availability. Reductions of precipitation that dry soils could also mask the effects of N deposition. Here, the critical climate period analysis indicates that long-term variability in precipitation and soil moisture is neither causing nor inhibiting potential ecosystem responses to atmospheric N deposition.
In understanding the degree of eutrophication in grasslands that would result from N deposition, management will need to be considered. The Konza watershed examined here is burned annually. Burning volatilizes N at a relatively low temperature (Wan et al. 2001) and could maintain N limitation in the face of increasing N deposition. Given the end-of-season values for aboveground biomass and its N concentration, an average of 2.4 g N/m 2 is present in the aboveground biomass at the end of the season. It is unknown how much N is retained in the biomass over the winter before the late spring burning, but this would represent an upper estimate of annual N losses for the watershed. Yet, to compare this study to other grasslands, the watershed studied here (1D) is not grazed. Grazers accumulate N during the year, which is exported with the animals. For comparison, nearby grasslands have typical cattle production of 93 kgÁha À1 Áyr À1 (Owensby et al. 1995) , which would be approximately 1.6 g NÁm
À2
Áyr
À1 exported in cattle biomass each year (Baker et al. 2001) . Thus, removals of N from grassland systems PLATE 1. The 1D watershed at Konza Prairie Biological Station, Kansas, USA. Photo credit: J. B. Nippert. through burning and/or grazing have the potential to offset atmospheric N deposition, at least when considering the input and output rates alone.
One additional fate of the deposited N could be the large soil organic matter pool (Blair 1997) . Net sequestration into soil organic matter could also be contributing to the lack of response to deposition. This has recently been observed in forested systems of the eastern United States (Lovett et al. 2013 ). In our study, surface soils (0-20 cm) in the 1D watershed have a C:N of 12.7 (Craine et al. 2010a ) with soil organic matter concentrations high enough such that if all the deposited N over the study period were sequestered into the top 20 cm of soil organic matter, soil N concentrations would increase only 2%. Atmospheric CO 2 concentrations have also increased by 45 ppm (13%) from 1984 to 2010, which could be promoting N limitation in the face of increased deposition (Gill et al. 2002) .
Given that N supplies via deposition have been increasing at this site, understanding why N availability has not changed requires a theoretical framework for N cycling that incorporates feedbacks and lags (Lovett and Goodale 2011) , alongside a better biogeochemical budget and targeted measurements of flux pathways such as gaseous N loss rates. For example, gaseous N loss is limited by nitrate availability at Konza (Groffman et al. 1993 ) and could be a major avenue for N loss that counteracts increased deposition. Yet significant elevated gaseous N loss would increase the d 15 N of available N and subsequently plants (Ho¨gberg 1990) , unless portions of the nitrate pools were completely denitrified (Houlton et al. 2006) . Past work has shown no indication of increasing NO 3 À loss in streams at Konza (Kemp and Dodds 2001) and groundwater NO 3 À concentrations are relatively low in the area (Macpherson 1998) .
Reconstructions of N availability from herbarium samples collected from Kansas grasslands suggested that N became more limiting in those ecosystems during the 20th century (McLauchlan et al. 2010) . Across a broad suite of grassland species (including C 4 grasses), foliar N concentrations and d 15 N began declining in the first half of the 20th century. Although the N concentrations of aboveground biomass tended to decline, the Konza grass biomass reported here cannot be tested for declines in foliar N concentrations due to biomass being measured at the stand level, which included culms as well as foliar biomass. Yet, based on patterns observed in C 4 grasses in herbarium samples, d 15 N would have been expected to decline by 1.6% from 1984 to 2010. The observed interspecific variation in plant d 15 N at Konza could be larger than the regional temporal pattern of decline in foliar d 15 N (Craine et al. 2012b ). The lack of a terrestrial eutrophication signal in this grassland has important management implications for N in the mid-continental U.S. Although atmospheric N inputs are potentially an important part of the N budget, our results indicate that these ecosystems can receive three decades of N deposition without demonstrating the earliest predicted biotic consequences of N saturation theory. Additionally, if changes in some aspects of grassland functioning are observed to be consistent with eutrophication, it will be critical to test hypotheses about if these changes were caused by (1) N deposition, (2) climate, especially precipitation, or (3) changes in management regimes such as increased grazing or reduced burning. Multiple environmental variables may cause effects that parallel eutrophication from atmospheric N deposition.
The concept of critical loads has been used to suggest that grasslands of the Great Plains will be experiencing significant losses of herbaceous plant diversity under current atmospheric N deposition levels (Clark et al. 2013) . These critical load values (5-15 kg NÁha À1 Áyr À1 ) were developed in the tallgrass prairie biome in Minnesota, which has a colder climate than Konza, but also lower ANPP than Konza due to sandy parent material and past land use history that depleted soil organic matter stocks (Knops and Tilman 2000) . At the minimum, the data presented here imply that the critical load estimates for some grassland ecosystems will need to be revised.
More broadly, some have suggested that there is no minimum critical load for grasslands (Payne et al. 2013) , and that human societies have crossed a ''boundary'' with regard to the global N cycle (Rockstrom et al. 2009 ). Although there are uncertainties, our results suggest that eutrophication is not an inevitable fate of all ecosystems receiving atmospheric N deposition. Many terrestrial ecosystems are experiencing static and declining N availability (Bernal et al. 2012) , requiring continued examination of the possible degree and extent of eutrophication.
